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                            CHAPTER 13 

Reality check: issues of scale and 
abstraction in biodiversity research, 
and potential solutions  
    T asman  P .  C rowe ,   M atthew  E .  S .  B racken , and   N essa  E .  O ’ C onnor    

      13.1  Introduction   

 Over the past few decades, there has been extensive 

research into the relationship between biodiversity 

and the functioning of ecosystems—BEF research. 

Much of it has been done in terrestrial systems, and 

many of the seminal papers were terrestrially 

focused (e.g.  Walker,  1992  ;  Naeem  et al.   1994  ;  Tilman 

 et al.   1996  ;  Hector  et al.   1999  ). This dominance and 

the tendency for terrestrial ecologists to ignore 

aquatic literature have both been documented (e.g. 

 Raffaelli  et al.   2005  ;  Menge  et al.   2009  ). However, 

BEF research in marine systems has proliferated in 

recent years ( Stachowicz  et al.   2007  ). There is a clear 

need to bridge the gap between terrestrial and 

marine ecologists, and to foster greater exchange of 

concepts, approaches and technology ( Menge  et al.  
 2009  ). Marine systems have a number of advantages 

for BEF research and are now yielding some infl u-

ential fi ndings (e.g.  Stachowicz  et al.   1999  ;  Duffy 

 et al.   2003  ;  Solan  et al.   2004  ;  Bracken  et al.   2008  ). 

Based on evidence to date, there appear to be some 

differences between BEF relationships in marine 

and terrestrial systems ( Stachowicz  et al.   2007  ). 

However, these comparisons may be hampered by 

differences in the approaches taken to terrestrial 

and marine BEF research ( Stachowicz  et al.   2008a  ). 

Recent re-analyses of two large meta-datasets of 

BEF studies did not identify an overall tendency for 

biodiversity effects to vary among ecosystems, and 

the fi ndings suggested that similar mechanistic 

processes may underpin BEF relationships in terres-

trial and aquatic systems ( Schmid  et al.   2009  ). 

 It is important to recognize that BEF research can 

be primarily motivated by different overall objec-

tives: (a) pure ecological research, to understand 

something about how the natural world works, and 

(b) to generate results applicable to real-world man-

agement problems. Of course this distinction is not 

by any means exclusive, but it can infl uence deci-

sions about approaches to research because each of 

these objectives has different requirements and con-

straints. Much of the research undertaken to date 

has been justifi ed by the need to understand the 

consequences of changing biodiversity because of 

potential links between biodiversity loss, and the 

loss of ecosystem goods and services provided by 

organisms in intact ecosystems. However, much of 

it is more correctly classifi ed as pure ecological 

research, based on abstracted systems ( Duffy  2009  ). 

Particularly in marine systems, the majority of pub-

lished studies have been undertaken in laboratory 

mesocosms ( Figure  13.1  ), which potentially limits 

their applicability to real-world biodiversity 

declines. In pure ecological terms, a considerable 

degree of progress has been made, and some widely 

accepted generalities are emerging ( Hooper  et al.  
 2005  ;  Stachowicz  et al.   2007  ). However, the extent to 

which these fi ndings can be applied to specifi c man-

agement or conservation issues is less clear 

( Srivastava and Vellend  2005  ).   

 In this chapter, we examine the nature of BEF 

research to date in marine systems, and specifi cally 

contrast it with that done in terrestrial systems. We 

then discuss limitations of our current knowledge, 

attributable in part to the approaches taken, before 
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considering the relative merits of different appro-

aches towards different objectives and making some 

suggestions for future research.  

     13.2  At which spatial and temporal 
scales have most biodiversity–ecosystem 
function (BEF) studies been conducted to 
date?   

 Two contemporary recent reviews, one summariz-

ing BEF studies in marine systems ( Stachowicz 

 et al.   2007  ) and one meta-analysing the effects of 

producer diversity on biomass production in 

 terrestrial systems ( Cardinale  et al.   2007  ) allowed 

us to assess, compare, and contrast the spatial and 

temporal scales of BEF research. We added data on 

duration and area to the Supplementary Material 

on marine study characteristics in the  Stachowicz 

 et al.  ( 2007  ) review and accessed the online material 

accompanying the  Cardinale  et al.  ( 2007  ) analysis 

for information on duration, area, and effects in 

 terrestrial studies ( Table  13.1  ). Note that for the 

sake of comparison, a particular paper could con-

tain more than one study if results of multiple 

experiments were reported.   

 On average, marine BEF studies ( N  = 122) have 

been run for 90 ± 14 (mean ±s.e.m.) days, and the 

average experimental arena is 0.29 ± 0.05 m 2 . Most 

marine studies (69%) have been conducted in labo-

ratory or mesocosm arenas ( Figure  13.1  ). These pat-

terns contrast sharply with the durations and spatial 

scales of terrestrial producer BEF studies ( N  = 108), 

where the average experiment has been run for 

897 ± 75 days and the average experimental arena is 

11 ± 2 m 2 . The vast majority of terrestrial studies 

(89%) were conducted in the fi eld. However, the 

 Stachowicz  et al.  ( 2007  ) review includes studies 

evaluating not only the effects of producer diversity 

on plant community responses—e.g. biomass accu-

mulation, resistance, recovery, or nutrient uptake; 

see  Allison  2004  ;  Bruno  et al.   2005  ;  Bracken and 

Stachowicz  2006   for examples—but also effects of 

infaunal invertebrates on sediment characteristics—

e.g.  Emmerson  et al.   2001  ;  Waldbusser  et al.   2004  ), 
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    Figure 13.1  Experimental arenas of all marine BEF studies, including 
those evaluating both consumer and primary producer diversity. Data are 
based on papers summarized in  Stachowicz  et al.  ( 2007  ). Relatively few 
studies (32%) have been conducted in the fi eld; most (68%) have been 
done in the lab or in mesocosms. Parenthetical numbers over bars indicate 
the number of studies.     

     Table 13.1  Attributes of marine and terrestrial BEF studies.   

  Values (means ± standard errors)  

  Attribute  Units  All marine studies  Marine producers  All terrestrial producers  Red. terrestrial producers   †     

  Sample size   N   122  33  108  33  

  Area  m 2   0.3 ± 0.1  0.8 ± 0.2  11.0 ± 2.2  3.0 ± 0.7  

  Duration  days  90 ± 14  158 ± 44  897 ± 75  552 ± 76  

  Expt. arena     

  Field  %  32  65  89  85  

  Lab/mesocosm  %  68  35  11  15  

  Overyielding     

  Non-transgr.  %  71  61  79  77  

  Transgressive  %  25  0  23  10  

   † ‘Reduced’ terrestrial producer experiments are the earliest  N  = 33 studies reported in the  Cardinale et al. ( 2007  ) database.   
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effects of producer or consumer diversity on invasi-

bility (e.g.  Stachowicz  et al.   2002  ;  Arenas  et al.   2006  ), 

and effects of diversity at one trophic level on proc-

esses at other trophic levels (e.g.  Duffy  et al.   2003  ; 

 O’Connor and Crowe  2005  ). In explicitly and statis-

tically comparing marine and terrestrial studies, we 

therefore limited the marine database to only those 

studies ( N  = 33) that described effects of producer 

diversity on algal community responses. 

 Interestingly, the fi eld–lab difference between 

marine and terrestrial studies narrowed greatly 

when only producers were considered. Whereas the 

majority of marine BEF studies have been con-

ducted in lab and mesocosm settings ( Figure  13.1  ), 

the majority of marine  producer  BEF studies (65%) 

have been conducted in the fi eld (Figure 13.2a), and 

the overall pattern is not strikingly different from 

that in terrestrial systems. What is striking is the dif-

ference between the spatial and temporal scales 

over which marine and terrestrial experiments have 

been run ( Figure  13.2b  ). Both the average duration 

(nearly 900 days) and area (11 m 2 ) of terrestrial 

experiments are dramatically different from those 

in marine producer experiments, where the average 

duration is 158 ± 44 days and the average experi-

mental arena measures only 0.8 ± 0.2 m 2 .   

 There have been substantially more terrestrial 

producer BEF studies ( N  = 108) than marine pro-

ducer studies ( N  = 33), which is due, in part, to a 

longer history of BEF experiments in terrestrial 

 systems. The earliest experimental results reported 

in  Cardinale  et al.  ( 2007  ) were published in 1985, 

whereas the earliest experiment reported in 

 Stachowicz  et al.  ( 2007  ) was published in 1999, over 

a decade later. The longer time over which terres-

trial producer BEF experiments have been evalu-

ated could explain the longer duration of terrestrial 

studies, so we selected the  N  = 33 earliest terrestrial 

studies (published from 1985 to 2003) to balance 

sample sizes in marine and terrestrial systems. This 

reduced the average duration of terrestrial studies 

to 552 ± 76 days and the average experimental 

arena to 3.0 ± 0.7 m 2 . Thus, balancing the number of 

studies and correcting for time partially, but not 

completely, compensated for differences in the 

duration ( t  = 4.5,  df  = 64,  P  < 0.001) and area ( t  = 3.0, 

 df  = 64,  P  = 0.004) of terrestrial versus marine pro-

ducer BEF experiments. Similarly, the percentage of 

terrestrial studies conducted in the fi eld declined 

slightly, to 85%, but that is still higher than the 65% 

of marine producer BEF studies conducted in the 

fi eld (χ 2  = 10.7,  P  = 0.001).  

     13.3  What important ecological 
processes or patterns may be lost in 
abstracting BEF experimental systems 
from natural ecosystems?   

 The legitimacy of all BEF research rests upon estab-

lishing a robust body of fi ndings based on rigorous 
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    Figure 13.2  Characteristics of experiments evaluating the effects of 
primary producer diversity on plant community responses in marine and 
terrestrial systems. (a) Whereas overall patterns were similar—more 
studies were conducted in the fi eld than in the lab in both systems—a 
relatively higher percentage of marine studies were conducted in lab and 
mesocosm arenas, whereas a higher percentage of terrestrial studies were 
conducted in the fi eld(χ 2  = 11.1,  P  < 0.001). (b) Both the area ( t  = 2.6, 
df = 139,  P  < 0.001) and the duration ( t  = 5.3, df = 139,  P  < 0.001) of 
studies were higher in terrestrial systems. Parenthetical numbers over bars 
indicate the number of studies.     
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and realistic research ( Naeem  2008  ). Therefore, 

comparison of different approaches and critical 

evaluation of their relative shortcomings and merits 

are essential. Although inferences from laboratory 

studies can be similar to those from comparable 

experiments done in the fi eld, they can also differ in 

important respects ( Carpenter  1996  ;  Romanuk  et al.  
 2009  ;  Boyer  et al.   2009  ). The magnitudes of effect 

sizes have also been shown to be inaccurately esti-

mated by laboratory studies ( Farrell and Crowe 

 2007  ), and a number of authors have argued that 

the domination of mesocosm studies in marine BEF 

research may have led to underestimation of the 

prevalence of diversity effects in marine systems 

(e.g.  Stachowicz  et al.   2008a  ;  Duffy  2009  ). It is widely 

accepted that it is inappropriate to translate fi nd-

ings from laboratory or mesocosm studies directly 

into real-world applications, yet we face the chal-

lenge of designing more realistic empirical tests. 

Several innovative mesocosm-based studies have 

yielded insights into the mechanisms by which 

diversity may affect important patterns and proc-

esses (e.g.  France and Duffy  2006  ;  Cardinale  2011  ); 

however, scaling up from these experiments remains 

an issue. Here, we examine some of the specifi c 

defi ciencies in our understanding of BEF relation-

ships that may be arising from an overemphasis on 

lab- or mesocosm-based research. 

 The loss of natural patterns of dispersal is of par-

ticular concern. Mesocosm-based studies have 

shown that connectivity among habitat patches can 

modify the effect of species diversity on ecosystem 

properties (e.g.  Matthiessen  et al.   2007  ). A key 

advantage of most fi eld experiments, including 

those in ‘natural microcosms’—small, contained 

habitats that are naturally populated by minute 

organisms—is that they encompass movements of 

organisms between patches of varying degrees of 

suitability and connection—i.e. meta-community 

processes ( Srivastava  et al.   2004  ). Although the 

advantages of using natural microcosms for BEF 

studies have been identifi ed ( Srivastava  et al.   2004  ), 

their potential remains underdeveloped. A draw-

back in their realistic interpretation, however, often 

revolves around the scale of the plots involved. 

Exchange of individuals between small patches on 

a shore—the scale at which most fi eld experiments 

are conducted—is a very different process from 

movements between whole shores or areas of 

coast—the scale at which local extinctions occur 

and at which managers are obliged to take action. 

The way that dispersal mediates the effects of biodi-

versity on ecosystem functioning and stability has 

only recently been investigated, and there remains a 

need to test experimentally how scales of resource 

heterogeneity and dispersal interact ( Gonzalez  et al.  
 2009  ). Similarly, ecosystem processes at small 

scales—in rock pools, for example—are likely to be 

quite different from those at larger scales and con-

tingent on different limiting factors. 

 The expression of natural behavioural patterns 

is clearly compromised by confi ned laboratory 

 settings—e.g.  Thompson  et al.   1998  ;  Romanuk  et al.  
 2009  ;  Griffi n  et al.   2009  ). Impaired expression of 

natural behavioural patterns is more problematic in 

experiments involving consumers. Many species, 

especially intertidal animals, change their behav-

iour rapidly in response to variable environmental 

conditions ( Chapman  2000  ). Thus, many of the 

problems related to highly controlled BEF experi-

ments are even more challenging when multiple 

trophic levels are included (see below). In the fi eld, 

intertidal grazers often reduce their foraging activ-

ity or shift foraging efforts to different habitats or 

times to avoid predators ( Trussell  et al.   2003  ). Such 

trait-dependent interactions may not be expressed 

or may be enhanced in the confi nes of an experi-

mental system, particularly when predators are 

held in containers smaller than their normal territo-

rial habitat, as is often the case. When considering 

questions that cannot be addressed easily in the 

fi eld, it is therefore essential that such studies be 

accompanied by fi eld tests of related hypotheses, so 

that differences between fi eld-based behaviour and 

laboratory-based behaviour can be measured, and 

the relevance of the laboratory studies sensibly 

evaluated ( Chapman  2000  ). Studies that compare 

the results of fi eld- and mesocosm-based studies are 

rare but the few that exist have shown interesting 

and contrasting results (e.g.,  Stachowicz  et al .  2008a  ; 

 Boyer  et al .  2009  ;  O’Connor and Bruno  2009  ). 

 Several theories predict that effects of species 

richness should be stronger in heterogenous 

 environments or landscapes ( Tilman  et al.   1997  ; 
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 Cardinale  et al.   2000  ;  Loreau  et al.   2003  ). 

Mathematical modelling ( Cardinale  et al.   2004  ), 

meta-analysis ( Cardinale  et al.   2007  ), and, more 

recently, direct experimental manipulations 

( Stachowicz  et al.   2008a  ;  Stachowicz  et al.   2008b  ) 

have shown that the effect of diversity can increase 

with increasing experimental duration, and that 

increasing spatial scale should increase the strength 

of diversity effects due to the inclusion of a greater 

diversity of habitat patch types.  Stachowicz  et al.  
( 2008a  ) emphasize the importance of structural 

heterogeneity ,  with a specifi c example that sub-

strata used to ‘cultivate’ algae in assembly experi-

ments may prevent natural recruitment or clonal 

spread and limit mechanisms to growth of individ-

ual ramets. The authors go further and suggest that 

by running analogous experimental manipulations 

in mesocosms and in the fi eld over longer dura-

tions, it is possible to identify potential mechanisms 

that drive diversity effects. They argue that if 

mechanisms based on growth of adult thalli—such 

as complementarity of resource use—drive diver-

sity effects, then we should expect to see similar 

responses from both types of experiments. If mech-

anisms that are more likely to operate in longer 

term studies and in systems open to processes such 

as recruitment—e.g. microhabitat differentiation, 

temporal complementarity, or facilitation—link 

diversity and function, then we would expect long-

term fi eld experiments to show strong diversity 

effects, and short-term mesocosm experiments to 

have weak or no effects.  Stachowicz  et al.  ( 2008a  ) 

contend that short mesocosm experiments can only 

detect a subset of potential mechanisms, and con-

clude that the lack of species diversity effects 

reported to date should be interpreted with cau-

tion. They agree with others that call for longer 

experiments to test accurately for diversity effects 

(e.g.  Cardinale  et al.   2007  ). 

  Griffi n  et al.  ( 2009  ) tested explicitly whether spa-

tial heterogeneity of the physical environment can 

mediate effects of species diversity on ecosystem 

processes. They manipulated the diversity of inter-

tidal molluscan grazers and the spatial heterogene-

ity of the substrata they grazed and measured algal 

consumption. They showed that on homogeneous 

substrata species identity had a strong effect, with 

the identity of best performing species dependent 

on the substratum. Heterogeneous substrata, con-

taining suitable grazing conditions for all species, 

allowed the expression of spatial complementarity 

of resource use and thus enhanced total algal con-

sumption, showing that spatial heterogeneity 

increases the importance of species richness for an 

ecosystem process. 

 As experimental systems become more complex 

and incorporate more environmental variability, the 

mechanisms by which species diversity stabilizes 

communities may also change because environ-

mental control over populations may fl uctuate ( Ives 

and Carpenter  2007  ). Studies in a homogeneous lab 

environment may, therefore, be more likely to detect 

biotic interactions that may be far less signifi cant 

under more natural conditions where abiotic or 

physical processes may dominate, and thus would 

not be detected in fi eld experiments.  Romanuk  et al.  
( 2009  ) tested for a relationship between species 

 richness and community variability using similar 

communities in controlled laboratory microcosms, 

artifi cially constructed rock pools, and naturally 

occurring rock pools. The relationship was clear in 

laboratory microcosms, weaker in artifi cial rock 

pools, and absent in natural rock pools. The authors 

concluded that the effects of diversity may be diffi -

cult to detect in natural systems. It is also possible, 

however, that these effects are not as important as 

other abiotic or physical factors. 

 Mesocosm experiments, by their nature, limit 

temporal environmental heterogeneity and thereby 

reduce the need for multiple species capable of per-

forming functional roles under different circum-

stances. Outbreaks of predators, storms, and other 

extreme events—heat waves, ice scour, etc.—can 

favour some species over others, such that diverse 

systems can continue to function effectively when 

depauperate systems may not. Homogeneous lab 

conditions are likely to favour one species, such that 

its monoculture is more likely to outperform mix-

tures than would be the case in a more variable 

natural environment. The lack of natural temporal 

variation in environmental conditions, coupled 

with the selection of convenient abundant taxa, also 

leads to underestimation of the importance of rare 

or temporarily redundant taxa, which may become 
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abundant and/or infl uential under different envi-

ronmental circumstances. This is a key omission, 

given that the majority of biodiversity in most eco-

systems comprises rare taxa ( de Aguiar  et al.   2009  ). 

Many BEF experiments to date lack the temporal 

and spatial heterogeneity within replicates that may 

be key to species coexistence and enhance the likeli-

hood that complementarity effects among species 

will be expressed ( Stachowicz  et al.   2007  ). 

 It may not be possible to accurately mimic multi-

trophic communities, including natural predator–

prey interactions, using small-scale, short-term lab 

experiments. Moreover, the logistics involved in 

manipulating predator species diversity in the fi eld 

are extremely diffi cult. This presents us with one 

the greatest challenges in BEF research because 

incorporating multitrophic-level effects into BEF 

theory, and increasing experimental realism have 

been identifi ed as being among the next frontiers in 

BEF research ( Srivastava and Vellend  2005  ; 

 Stachowicz  et al.   2007  ;  Schmitz  2007  ;  Bruno and 

Cardinale  2008  ;  Duffy  2009  ).  Paine ( 2002  ) suggested 

that the failure to incorporate consumers into BEF 

research has led to overly simplistic conclusions. In 

the quest to understand BEF relationships involv-

ing more realistic assemblages, it is important to 

consider appropriate densities of all species in 

experimental units. Many of the problems of extend-

ing model systems to incorporate multiple trophic 

levels are related to the problems associated with 

extending spatial and temporal scale ( Bulling  et al.  
 2006  ). The decision to include all species at similar 

densities or to create an assemblage that is repre-

sentative of ambient densities in nature may affect 

the likelihood of identifying an effect, and should 

be based on the exact hypothesis being tested. For 

example,  Bruno and O’Connor ( 2005  ) created tri-

trophic assemblages in mesocosms to test for effects 

of predator diversity. A similar biomass of each spe-

cies of algae was added to each mesocosm at the 

start of the experiment, and a community-level 

trophic cascade effect was detected where the 

absence of carnivorous fi sh resulted in higher grazer 

abundance and lower algal biomass ( Bruno and 

O’Connor  2005  ).  O’Connor and Bruno ( 2007  ) used a 

similar experimental set-up but added algal species 

at different biomasses representative of each spe-

cies’ natural abundances based on  surveys at local 

fi eld sites. In this experiment, the absence of fi sh 

also resulted in an increase in grazer abundance, 

but this did not lead to a reduction in total algal bio-

mass. Instead, a shift in algal assemblage structure 

occurred, whereby red algae that were initially 

present in low proportions increased as the biomass 

of the initially dominant brown algae decreased 

(see also  Jenkins  et al .  1999  ;  Benedetti-Cecchi  et al.  
 2001  ). The more varied components of the initial 

algal assemblage in this experiment appear to have 

led to a different response of total algal mass, driven 

by varied responses of different algal taxa within 

the assemblage. 

 While it is clear that predator richness can infl u-

ence the strength of trophic cascades by modifying 

indirect interactions, the traits of predators and 

their prey that infl uence the direction of these 

effects are not well understood ( Schmitz  2007  ). 

Mixed results have been reported from the various 

experiments that have manipulated predator rich-

ness to date, most of which have been performed in 

featureless containers or homogenous landscapes 

( Bruno and Cardinale  2008  , but see  O’Connor  et al.  
 2008  ). 

 Several authors have recently recommended that 

future studies should include biological and envi-

ronmental contingencies that are likely to affect 

predator–prey interactions, and should explicitly 

test for effects of different spatial arrangements of 

habitats (e.g.  Dyson  et al.   2007  ;  Griffi n  et al.   2009  ).  

     13.4  Does the reduced temporal/spatial 
scale or compromised ecological realism 
of marine BEF studies affect our ability 
to extrapolate results to other systems?   

 It is clear from our data and discussions above that 

the results of marine BEF studies, which have been 

largely conducted in laboratory or mesocosm are-

nas, in relatively small experimental units, and for 

short durations, may differ dramatically from those 

in other systems. What evidence exists to suggest 

that the functional consequences of marine biodi-

versity change are fundamentally different than 

those in terrestrial systems? Here, we turn again to 

data summarized in  Stachowicz  et al.  ( 2007  ) and 
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 Cardinale  et al . ( 2007  ), and evaluate the frequency of 

mechanisms identifi ed as links between biodiver-

sity and ecosystem functioning. 

 A fundamental difference between marine and 

terrestrial results has been the relatively common 

fi nding that increases in terrestrial producer 

diversity result in  transgressive overyielding , which 

occurs when a diverse assemblage performs bet-

ter than the most effective component species by 

itself. This is the most conservative test for strong 

effects of changing biodiversity, and until recently, 

it had never been shown for marine producers 

( Figure  13.3  ).  Non-transgressive overyielding , which 

occurs when a diverse assemblage performs bet-

ter than the average of the component species, 

was a common fi nding in marine producer exper-

iments; 61% of marine studies showed richness 

effects, compared to 79% of terrestrial studies. 

When we selected the 33 ‘earliest’ terrestrial 

experiments to balance sample sizes and correct 

for duration effects, we still found slight differ-

ences in the percentage of non-transgressive over-

yielding effects in terrestrial (corrected to 77%) 

and marine studies (χ 2  = 5.9,  P  = 0.014), but more 

signifi cant differences in the percentage of experi-

ments in terrestrial (corrected to 10%) and marine 

(0%) experiments exhibiting transgressive over-

yielding effects (χ 2  = 10.5,  P  = 0.001). Note that 

limiting the potential duration of terrestrial 

 producer experiments to balance the number of 

studies in marine and terrestrial systems more 

than halved (i.e. from 23% to 10%), the percent-

age of terrestrial studies exhibiting transgressive 

overyielding.   

 Why was transgressive overyielding—used 

 synonymously with complementarity by many 

authors—so much more common in terrestrial 

systems? Two possibilities are suggested by the 

differences in the design of marine versus terres-

trial experiments ( Figure  13.2  ), and it seems likely 

that both play a role. Experimental duration has 

been linked to complementarity in both marine 

and terrestrial experiments ( Cardinale  et al.   2007  ; 

 Fargione  et al.   2007  ;  Stachowicz  et al.   2008a  ; 

 Stachowicz  et al.   2008b  ). All four of these studies 

demonstrate that as experimental duration 

increases, the importance of complementarity and 

richness effects increases, and the importance of 

selection and species identity effects declines. In 

the  Cardinale  et al . ( 2007  ) database, for example, 

the mean duration of experiments that demon-

strated transgressive overyielding was 1592 

days—over 4 years!—whereas the mean duration 

of experiments that showed non-transgressive 

overyielding was 665 days. In the one long-term 

marine study that has explicitly looked at how 

diversity effects on producer biomass change with 

time ( Stachowicz  et al.   2008b  ), the authors found 

that transgressive overyielding did not become 

apparent until the experiment had run for nine 

months, and the relative importance of diversity 

effects only consistently exceeded that of species 

identity effects after two years. 

 The area of the experimental arena also seems to 

be an important predictor of the potential for strong 

biodiversity effects. In the  Cardinale  et al . ( 2007  ) 

database, the experimental plots of terrestrial stud-

ies that demonstrated transgressive overyielding 

were considerably larger (31.9 ± 8.1 m 2 ) than those 

that did not (5.1 ± 1.5 m 2 ). The lack of transgressive 

overyielding in marine producer experiments pre-

cludes an identical comparison in marine systems, 

but marine experiments showing non-transgressive 
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    Figure 13.3  Overyielding in marine and terrestrial experiments 
evaluating the effects of primary producer diversity on plant community 
responses. Both transgressive and non-transgressive overyielding were 
more common in terrestrial systems (χ 2  = 5.1, P = 0.023). In fact, 
 Stachowicz  et al.  ( 2007  ) included no studies demonstrating transgressive 
overyielding in marine producer communities. Parenthetical numbers over 
bars indicate the number of studies.     
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overyielding tended to be larger (1.0 ± 0.3 m 2 ) than 

those that did not (0.4 ± 0.1 m 2 ). In marine producer 

experiments, the effect of area, in and of itself, is dif-

fi cult to separate from the effect of experimental 

arena—smaller experiments are usually conducted 

in lab or mesocosm settings—but the striking differ-

ences from terrestrial systems suggest that larger 

experiments are more likely to show strong effects 

of diversity. 

 It has been argued that complementarity effects 

are relatively rare, and identity effects—the key 

roles of particular species—are more important, in 

marine systems (see  Crowe  2005  ;  Gamfeldt and 

Bracken  2009  ). However, the comparisons we 

present above, as well as data in  Cardinale  et al.  
( 2007  ) and  Stachowicz  et al.  ( 2008a , b  ) suggest that 

most experiments evaluating the functional conse-

quences of changes in marine producer diversity 

have not been big enough or long enough to detect 

some important mechanisms linking diversity and 

function. 

 Our discussion, thus far, has focused largely 

on producer diversity, as that is the common cur-

rency of the  Stachowicz  et al.  ( 2007  ) and  Cardinale 

 et al.  ( 2007  ) reviews. However, when the marine 

dataset was evaluated as a whole, transgressive 

overyielding became much more prevalent—it 

was found in 25% of all marine experiments—

than in our analysis of producer experiments, 

despite the smaller area and shorter duration of 

experiments looking at sediment processes, inva-

sibility, and trophic effects. Are primary produc-

ers anomalous in their requirements for space 

and time? The lack of a comparable dataset in 

terrestrial systems—where manipulations of con-

sumer diversity are less common—makes it dif-

ficult to explicitly evaluate this possibility, but it 

seems likely that the benefits of conducting 

longer, larger experiments in the field would 

extend beyond primary producers. Some mecha-

nisms linking diversity and function, such as 

seasonal complementarity in abundance or repro-

duction, will only become manifest over longer 

timescales, and larger experimental plots allow 

for more microhabitat heterogeneity, enhancing 

the potential for spatial complementarity 

( Stachowicz  et al.   2008b  ).  

     13.5  Relative merits of different 
approaches to overcoming limitations 
of BEF studies   

     13.5.1  Empirical research to elucidate 
ecological concepts   

 Testing theoretical models of BEF relationships and 

characterizing their mechanistic underpinning 

requires complex experiments.  Benedetti Cecchi 

( 2004  ), for example, proposed a framework with an 

effective minimum of 16 treatments, and many more 

are required for experiments incorporating addi-

tional factors beyond diversity, density, and iden-

tity—e.g. environmental context, realistic versus 

random extinction, multitrophic effects, species ver-

sus functional group diversity. Each treatment must 

be replicated, and experiments with > 100 manipu-

lated units may be needed to test complex models 

(e.g.  Gamfeldt  et al.   2005  ;  Douglass  et al.   2008  ; Nicol 

and Crowe, unpublished data). Designing experi-

ments and selecting the combinations of species 

within treatments to examine BEF relationships 

requires that researchers make a series of decisions 

about how best to reduce the enormous numbers of 

possible species combinations to something man-

ageable while not compromising realism, for exam-

ple by mixing species that would not co-occur in 

nature ( Srivastava  et al.   2004  ;  Naeem  2008  ). Tractable 

systems involving species that can be conveniently 

manipulated and functions that can be easily meas-

ured are required to run such experiments and 

 statistical power is maximized if uncontrolled 

 environmental variation is kept to a minimum. 

 It could be argued, therefore, that direct tests of 

theory are most easily achieved with laboratory or 

mesocosm experiments ( Bulling  et al.   2006  ), and 

that is certainly refl ected in the decisions of many 

marine researchers to date (see above). Such experi-

ments must inevitably focus on comparatively small 

organisms that are easily found in large numbers 

and can be conveniently kept in aquaria. Lab and 

mesocosm experiments can be well replicated and 

closely controlled, and offer a good opportunity to 

establish patterns and mechanisms that may arise 

in nature. Their main drawback is, of course, their 

artifi ciality, which potentially makes them irrele-

vant to the natural world ( Carpenter  1996  ). 



OUP CORRECTED PROOF – FINAL, 06/21/12, SPi

 REAL ITY CHECK 193

 More realistic tests can be undertaken in manip-

ulative fi eld experiments, although procedural 

artifacts can certainly arise and careful design is 

necessary (e.g.  Underwood,  1997  ;  Benedetti-Cecchi 

 2004  ;  Benedetti-Cecchi  2006  ). Field experiments are 

perhaps logistically more challenging and are cer-

tainly less controlled than lab experiments. The 

lack of control is, however, their greatest strength; 

they are able to test whether factors found to be 

important in the lab remain so against a back-

ground of natural variation. If, in a carefully 

designed fi eld experiment, residual variation out-

weighs diversity effects, then diversity is a less 

important factor than other, uncontrolled factors in 

the system. In fact, such variation often drives 

diversity effects as different species perform opti-

mally under different conditions. An important 

distinction has been drawn between Synthetic 

Assemblage Experiments (SAEs), in which com-

paratively small numbers of taxa are brought 

together artifi cially, and Removal Experiments 

(REs), in which taxa are removed from plots which 

initially contain complete natural assemblages 

( Diaz  et al.   2003  ). SAEs offer a high degree of con-

trol, but may include combinations of species that 

do not occur in nature, which may severely impair 

their capacity to detect diversity effects ( Bracken 

 et al.   2008  ). REs can only be done in the fi eld and 

benefi t from involving assemblages that have 

developed naturally over time and have been struc-

tured by real interactions ( Diaz  et al.   2003  ). It is also 

worth distinguishing between experiments manip-

ulating arbitrarily defi ned patches of habitat and 

those in which experimental units can more defen-

sibly be defi ned as delimited ecosystems, such as 

rock pools, lagoons, or lakes, which again offer a 

higher degree of realism ( Srivastava  et al.   2004  ). 

 A compromise when fi eld experimentation is not 

possible may be to use outdoor mesocosms that 

mimic a relatively open system, and should employ 

a through-fl ow raw seawater system that at least 

enables recruitment of ephemeral species during 

the experiment (e.g.  O’Connor and Bruno  2007  ). 

The effect of propagule supply regulating marine 

benthic systems has recently been investigated ( Lee 

and Bruno  2009  ), highlighting the importance of 

creating ‘open systems’ in BEF mesocosm studies. 

Experiments must, however, be carried out over 

longer timescales to enhance our understanding of 

whether remaining species can numerically or 

behaviourally compensate for the loss of superfi -

cially similar species to assess the degree to which 

species are ecologically redundant ( Stachowicz  et al.  
 2007  ), and this can only be done accurately with 

fi eld-based manipulations. 

 Scale is perhaps the biggest issue in extrapolating 

fi ndings from complex manipulative experiments 

to real ecosystems ( Symstad  et al.   2003  ). There is a 

trade-off between spatial and temporal scale, and 

the degree of complexity and replication of studies 

( Raffaelli  2006  ). Experiments with large plot sizes 

tend to be poorly replicated or completely unrepli-

cated ( Raffaelli  2006  ). While we recognize the need 

for simpler experiments done at larger scales to 

bridge the gap between theory and practice, and to 

encompass whole ecosystems at scales relevant 

to management, unreplicated or pseudoreplicated 

comparisons between areas of differing diversity or 

condition—e.g. a marine protected area vs. a com-

parable area open to fi shing—cannot be logically 

interpreted and should be avoided. We agree with 

Rafaelli (2006) that scales of experiments should be 

defi ned by features of the system, such as home 

ranges of organisms or generation times of their 

populations, rather than practical considerations, as 

is more commonly the case. If population processes 

are to be incorporated, using microbes as a model 

system offers one of the few opportunities for com-

plex experiments over multi-generational time 

frames (e.g.  Petchey  et al.   2002  ). However, microbial 

microcosm experiments have been criticized for 

potentially low generality to larger fauna and fl ora, 

relying on oversimplifi ed communities and the use 

of inappropriate scales to test theories based on the 

mechanisms driving ecosystem processes ( Carpenter 

 1996  ;  Srivastava  et al.   2004  ;  Jessup  et al .  2004  ).  

     13.5.2  Empirical research for direct application 
to management/conservation   

 Research for direct application to specifi c manage-

ment challenges requires a lesser degree of general-

ity, but a greater degree of realism ( Naeem,  2008  ). 

It is more likely to be focused on a particular 
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 ecosystem with particular species and stressors. 

Managers need to understand the potential conse-

quences of a range of conservation strategies. Work 

with direct relevance to management often needs to 

be done at larger scales than work intended to 

explore nature for its own sake (see  Chapter  11  , this 

volume). Local extinctions and the actions of stres-

sors tend to occur at the scale of whole shorelines or 

stretches of coast, and to span a number of years 

either in terms of the application of the stress—e.g. 

chronic sewage pollution or harvesting—or recov-

ery—e.g. from an acute event such as an oil spill. It 

is not clear whether fi ndings from small-scale stud-

ies can be scaled up, and doing so is likely to be 

misleading ( Symstad  et al.   2003  ;  Cardinale  et al.  
 2004  ;  Srivastava  et al.   2004  ;  Bulling  et al.   2006  ). For 

example,  Byrnes and Stachowicz ( 2009  ) recently 

showed that the effects of changes in consumer spe-

cies richness may manifest over longer time scales 

than permitted in short term lab-based studies. 

 It is rare that research projects receive funding to 

address processes over these time scales (but see 

 Symstad  et al.   2003  ), and, in many cases, it is logisti-

cally unfeasible and/or ethically indefensible to 

undertake experimental manipulations at large 

spatial scales. It is therefore necessary to adopt a 

more mensurative approach to characterizing pat-

terns of impact.  Peters ( 1991  ) argued eloquently 

that mechanistic understanding is not a prerequi-

site for management action; observed relationships 

between particular stressors and measured 

responses provide a valid basis for prediction. 

Evidence of real world benefi ts of biodiversity may 

be based on such predictive relationships (e.g. see 

 Klein  et al.   2003  ;  Tylianakis  et al.   2008  , reviewed by 

 Duffy  2009  ). The mechanistic understanding of 

cause and effect  provided by experimental manip-

ulations can greatly improve prediction, however. 

In this context, it is necessary to take advantage of 

opportunities presented by planned impacts or 

management interventions to design rudimentary 

large-scale experiments incorporating sampling at 

impacted sites and at carefully selected controls 

(e.g.  Castilla and Fernandez  1998  ;  Salomon  et al.  
 2008  ; and see  Walters  1986  ;  Underwood  1995  ;  Levin 

 et al.   2009  ). Such experiments will rarely, if ever, be 

able to test complex BEF models, but they can be 

valuable in assessing the impact of changing abun-

dance of particular components of diversity. A few 

other opportunities are available. For example, 

 Zedler  et al.   (2001)   tested BEF hypotheses as a com-

ponent of research into large-scale habitat restora-

tion, an application for which SAEs are explicitly 

required. In their experiments, it was possible to 

use complex designs, replicated in comparatively 

large-scale plots, and to generate fi ndings of direct 

relevance to management. 

 The information and mechanistic understanding 

gained from decades of pure research must also be 

made available to managers in a synthesized and 

accessible form (‘decision support tools’,  Nobre and 

Ferreira  2009  ). Ideally, managers would have access 

to accurate models of the ecosystems for which they 

are responsible, which they could use to simulate 

disturbances or changes to management (e.g. reduc-

tions in fi shing pressure or increases in nutrient 

input) and evaluate the consequences for the func-

tioning of the system, its ‘ecological quality’ or 

 ‘conservation status’, and its capacity to provide 

ecosystem goods and services to society. They could 

use such models to inform decisions about which 

combinations of activities to allow in a system, tak-

ing account of the modifying infl uence of forecast 

changes in climate. Such models would require a 

high degree of mechanistic understanding of spe-

cifi c ecosystems. We do not currently have a suffi -

cient understanding to develop effective models for 

any but a few impacts on any but a few, comprehen-

sively studied systems. Nevertheless, initial models 

could be constructed for a larger number of sys-

tems, and sensitivity analyses could help to identify 

priority areas for empirical research into key mech-

anistic links. The fi ndings of such research could 

then be incorporated into the models such that the-

oretical and empirical research agendas are directly 

interlinked. 

 On a more immediately accessible level, existing 

empirical knowledge of the functional traits of the 

component taxa in systems can be used to help 

environmental managers predict ecosystem conse-

quences of changes to the biota in a system by using 

tools such as Biololgical Traits Analysis ( Frid  et al.  
 2008  ). Biological Traits Analysis characterizes all 

relevant traits in all taxa present, and expresses 
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these as a matrix of functionality in which values 

assigned for particular taxa are weighted by their 

abundance. Such matrices can be analysed using 

exactly the same methods as multivariate matrices 

of species’ abundances or biomass, and are sensi-

tive to functionally relevant changes in assemblage 

structure ( Bremner  et al.   2003  ). Biological traits com-

position has been shown to be responsive to human 

impacts ( Bremner  et al.   2003  ), permitting a degree of 

simulation/prediction of functional consequences 

of particular impacts ( Frid  et al.   2008  ).   

     13.6  Conclusions   

 There is a clear case for a combined approach to 

the empirical side of BEF research ( Bulling  et al.  
 2006  ;  Naeem  2008  ). Laboratory experiments are of 

value because of the possibility to control the 

environment very precisely, measure a range of 

ecosystem functions quite easily, and replicate the 

sorts of complex designs necessary to disentangle 

richness, identity, and density effects. They give 

an idea of the sorts of BEF relationships that  may  

occur in nature, but need to be supplemented by 

fi eld-based experiments of some kind. Field-based 

studies of longer duration are more likely to reveal 

natural mechanisms by which biodiversity can 

affect the functioning of ecosystems ( Stachowicz 

 et al. ,  2008a  ). A key point is to test whether poten-

tial effects observed in laboratories are actually 

signifi cant against a background of natural varia-

bility, and with the possibility of dispersal into 

and out of the systems. To generate fi ndings at the 

scales required by managers, larger, more oppor-

tunistic experiments that take advantage of per-

turbations or management interventions—e.g. 

fi sheries or protected areas—must be done by 

sampling diversity and measuring functioning in 

those areas and making comparisons with care-

fully selected controls. It could be argued that if 

BEF researchers wish to make their work more 

directly relevant to society, their research should 

be driven by a focus on key ecosystem services 

and designed accordingly ( Raffaelli  2006  ), rather 

than focusing on key theoretical questions and 

selecting the most tractable systems and response 

variables. 

 Arguably, the distinction we make between ‘pure’ 

and ‘applied’ research is arbitrary. Certainly, so-

called ‘pure’ research should also aim to be as real-

istic as possible and develop meaningful insight 

into the functioning of real ecosystems, whereas 

applied research has no less a requirement for logi-

cal rigour ( Underwood  1995  ). Whatever approach 

is taken, careful design and interpretation are essen-

tial ( Huston  1997  ;  Allison  1999  ;  Benedetti-Cecchi 

 2004  ). This relies to a great extent on a clear state-

ment of hypotheses at the outset, and due consid-

eration of the ultimate rationale for the work. 

 In both marine and terrestrial BEF research, the 

need to work with tractable systems, either in the 

lab or the fi eld, has inevitably led to a bias towards 

particular habitats and systems—e.g. intertidal and 

shallow subtidal benthic habitats as opposed to 

pelagic or deeper subtidal systems; see  Chapter  9  — 

which may lead to misleading generalizations. It is 

important, as we expand BEF research into more 

systems, that we use comparable designs to avoid 

comparisons confounded by the problems associ-

ated with scale and length of experiment high-

lighted above. 

 In this chapter, we have focused predominantly on 

experimental manipulations of organismal diversity. 

In closing, we wish to join other authors (e.g. 

 Srivastava and Vellend  2005  ;  Raffaelli  2006  ;  Naeem 

 2006  ;  Naeem  2008  ) in emphasizing that such experi-

ments must fi t within a broader framework if BEF 

research is to deliver genuine ecological insight and 

practical tools for environmental management. Other 

chapters in this volume emphasize the role of obser-

vational studies and modelling approaches, the 

importance of considering diversity at genetic and 

habitat levels, and the importance of linking research 

with societal needs. We fully agree with Naeem’s 

(2008) assertion that pluralistic, synthetic approaches 

should be the dominant trend in BEF research as it 

seeks to provide real-world applications to the wide-

spread problem of biodiversity loss.  
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